Piñ on-juniper is a major vegetation type in western North America. Effective management of these ecosystems has been hindered by inadequate understanding of 1) the variability in ecosystem structure and ecological processes that exists among the diverse combinations of piñ ons, junipers, and associated shrubs, herbs, and soil organisms; 2) the prehistoric and historic disturbance regimes; and 3) the mechanisms driving changes in vegetation structure and composition during the past 150 yr.
INTRODUCTION
Piñ on-juniper vegetation covers some 40 million ha (100 million acres) in the western United States, where it provides economic products, ecosystem services, biodiversity, and aesthetic beauty in some of the most scenic landscapes of North America. There are concerns, however, that the ecological dynamics of piñ on-juniper woodlands have changed since Euro-American settlement, that stands are growing unnaturally dense, and that woodlands are encroaching into former grasslands and shrublands. Yet, despite a considerable amount of research in piñ on-juniper vegetation, our understanding of historical conditions and of both historical and current ecological processes is often inadequate to answer the management questions now being posed.
Uncertainties about historical stand structures and disturbance regimes in piñ on-juniper vegetation create a serious conundrum for land managers and policy makers who are charged with overseeing the semiarid landscapes of the West. Vegetation treatments are often justified, in part, by asserting that a particular treatment (e.g., tree thinning or prescribed burning) will contribute to restoration of historical conditions, i.e., those conditions that prevailed before the changes wrought by Euro-American settlers. However, in the absence of sitespecific information about historical disturbance regimes and landscape dynamics, ''one-size-fits-all'' treatments are likely to be ineffective, and some well-meaning ''restoration'' efforts may actually move piñ on-juniper ecosystems further from their historical condition. Some kinds of vegetation treatments may even reorganize ecosystems in such a way that restoration of historical patterns and processes becomes more difficult.
The purpose of this article is to summarize our current understanding of historical stand structures, disturbance regimes, and landscape dynamics in piñ on-juniper vegetation throughout the western United States and to highlight areas in which significant gaps in our knowledge exist. The authors gathered for a workshop in Boulder, Colorado, on 22-24 August 2006, to develop the information presented here. All the authors have conducted research in piñ on-juniper vegetation and together they have experience with a wide diversity of piñ on-juniper ecosystems, from New Mexico and Colorado to Nevada and Oregon.
The article is organized in three parts. In section I, we present a brief overview of the variability in dominant species, climate, stand structure, and potential fire behavior of piñ on-juniper vegetation across the West to emphasize one of our key pointsthat piñ on-juniper is a diverse vegetation type for which a simple model of historical structure and dynamics is inadequate. In section II, we summarize what we know about past and present conditions in three contrasting kinds of piñ on-juniper ecosystems in the form of a series of concise statements followed by more detailed explanations of each statement. The explanations include the level of confidence that we have in the statement, the kinds of evidence that support the statement, and the generality of the statement, i.e., whether it applies to all piñ onjuniper ecosystems or only to a subset of these ecosystems (see next paragraph). By ''past conditions,'' we mean the three to four centuries before the sweeping changes introduced by EuroAmerican settlers in the mid-to late-1800s. In section III, we evaluate possible mechanisms driving one of the most conspicuous features of piñ on-juniper vegetation in many areas-the increase in tree density that has been observed during the past 100-150 yr. We distinguish two somewhat different processes leading to higher tree density: 1) infill, or increasing tree density within existing woodlands that were previously of lower density; and 2) expansion, i.e., establishment of trees in places that were formerly nonwoodland (e.g., grassland or shrubland).
In section II, statements of high confidence generally are supported by some combination of 1) rigorous paleoecological studies that include adequate sampling and appropriate analysis of, e.g., cross-dated fire-scars, tree age structures, and macrofossils; 2) experimental tests of mechanisms that incorporate adequate replication and appropriate scope of inference; and 3) systematic observations of recent wildfires, prescribed fires, or other disturbances (e.g., insect outbreaks), either planned before the event and documented by experienced, objective observers, or based on rigorous postdisturbance analyses using adequate and spatially explicit data. Statements of moderate or low confidence generally are supported by 1) correlative studies that identify statistically significant associations between two variables but do not prove a cause-effect relationship; 2) anecdotal observations of recent fires, i.e., opportunistic observations of wildfires or prescribed fires by experienced, objective observers but that were not conducted in a systematic manner; and 3) logical inference, i.e., deductive inferences from related empirical or experimental studies that are logical but have not yet been tested empirically. Depending on the details, other kinds of evidence may support high, moderate, or low confidence: 1) comparison of historic and recent photographs of the same scene, which documents changes in pattern or structure, but says little about the mechanism(s) causing the changes; and 2) written historical documentation in the form of reports, articles, letters, and other accounts by reliable observers.
We intentionally refrain from making specific policy or management recommendations in this article. Instead, our objective is to provide consensus among researchers of what we know (and don't know) about the science. Although our synthesis gives much attention to historical conditions and disturbance processes in piñ on-juniper vegetation, we recognize (and agree) that restoration of pre-1900 characteristics is not the only, or the most appropriate, management goal in many situations, especially in the face of climate and land-use changes (e.g., Millar et al. 2007 ). Nevertheless, we also believe that nearly all management goals, including those other than restoration per se, will be accomplished more successfully and economically if those goals and the techniques used to achieve them are informed by an understanding of how a particular landscape came to be the way it is today (Swetnam et al. 1999 ).
This article identifies major differences in historical conditions and drivers of recent changes in piñ on-juniper vegetation and emphasizes that many gaps remain in our understanding of these ecosystems. We, therefore, recommend that land managers, practitioners, and policy makers rely primarily on the statements of high confidence and broad applicability in formulating management plans and priorities, and we encourage researchers to conduct new studies to critically test the statements of moderate or low confidence and to rigorously investigate the generality of these statements. In particular, we encourage collaboration between research scientists and managers in current and upcoming piñ on-juniper treatments. By adding a well-designed research and monitoring component to a practical management-oriented project, not only is it possible to evaluate the efficacy of a given project but also it can improve our understanding of the more general ecological processes at work in piñ on-juniper vegetation. This article focuses primarily on piñ on and juniper vegetation in the Intermountain West, the Southwest, the Southern Rocky Mountains, and the western edge of the Great Plains, including primarily the states of Oregon, Nevada, Idaho, Utah, Arizona, Wyoming, Colorado, and New Mexico. Throughout this extensive region, woodlands of piñ on or juniper or a mix of both are found on almost all landforms, including ridges, hill and mountain slopes, terraces, tablelands, alluvial fans, broad basins, and valley floors. Soils are similarly variable, ranging from relatively deep soils often high in clay or sand content, to shallow rocky soils, to rock outcrops where no soil is present, but the trees are rooted in deep cracks of the bedrock. Woodlands of piñ on or juniper or both occupy a broad zone of intermediate moisture and temperature conditions between the hot arid deserts of lower elevations and the cool mesic forests of higher elevations. Accordingly, soil temperature regimes range from mesic to frigid, and soil moisture regimes include aridic, xeric, and ustic (e.g., Gedney et al. 1999; Ramsey 2003; Miller et al. 2005) .
I. PIÑ ON-JUNIPER: A DIVERSE AND VARIABLE VEGETATION TYPE
There is a striking northwest-to-southeast gradient in the seasonality of precipitation (Figs. 1a and 1b) . Winter-spring precipitation predominates in the northwest, notably in the Great Basin, shifting to a bimodal winter-summer pattern on the Colorado Plateau, and a summer monsoonal regime in the southeastern portion of the region, including southern Arizona and New Mexico (Mitchell 1976; . Total precipitation across most of the range of Juniperus occidentalis Hook. in the northwestern Great Basin varies between 25 cm and 40 cm annually, falling mostly during winter and spring storms, although this tree species can grow in areas receiving as little as 18 cm (usually on sandy soils) or exceeding 50 cm (Gedney et al. 1999) . Annual precipitation amounts are similar where Juniperus monosperma (Engelm.) Sarg. grows in southcentral New Mexico, but in this latter region, 60% or more falls between April and September, particularly during the late summer ''monsoon.'' The Colorado Plateau (especially the southern portion), lying near the midpoint of this gradient, receives small peaks of precipitation in both winter and summer (http://www. cpluhna.nau.edu/Change/modern_climatic_conditions.htm).
Species composition and vegetation structure vary along the same northwest-to-southeast gradient (Figs. 1a and 1b) , and the various piñ on and juniper species exhibit subtle, but ecologically significant, physiological differences both among and within species along regional and elevational gradients Nowak et al. 1999) . J. occidentalis is the major woodland tree species in extreme northwestern Nevada, northeastern California, and eastern Oregon; Pinus monophylla Torr. & Fre´m. and Juniperus osteosperma (Torr.) Little dominate woodlands elsewhere in the Great Basin; Pinus edulis Engelm. and J. osteosperma are the dominant woodland species across most of the Colorado Plateau and southern Rocky Mountains west of the Continental Divide; and P. edulis and J. monosperma characterize the summer monsoon regions of New Mexico, east-central Arizona, and the southern Rockies, east of the Continental Divide. Juniperus scopulorum Sarg. is common at higher elevations on much of the Colorado Plateau and in the southern Rockies, and Juniperus deppeana Steud. becomes dominant in areas of southern New Mexico and Arizona where warmer temperatures and stronger monsoonal patterns prevail. In the western and northern regions, where precipitation is winter-dominated, the trees are typically associated with a major shrub component, notably big sagebrush (Artemisia tridentata Nutt.) and other Artemisia L. spp., Purshia tridentata (Pursh) DC., Chrysothamnus Nutt. spp., Ericameria Nutt. spp., and Cercocarpus Kunth spp. Perennial tussock grasses may also be common associates, e.g., Festuca idahoensis Elmer, Pseudoroegneria spicata (Pursh) A. Lö ve, Achnatherum P. Beauv. spp., Poa secunda J. Presl, and Poa fendleriana (Steud.) Vasey. In eastern and southern regions, where the precipitation pattern is summer-dominated, piñ on and juniper woodlands often support an understory of warm-season grasses, e.g., Bouteloua gracilis (Willd. ex Kunth) Lag. ex Griffiths, Bouteloua curtipendula (Michx.) Torr., Bouteloua hirsuta Lag., Bouteloua eriopoda (Torr.) Torr., Muhlenbergia pauciflora Buckley, and Muhlenbergia setifolia Vasey, and woodlands may occur as patches within a grassland matrix. A diverse and highly variable mix of montane shrubs Figure 1 . a, Distribution of four dominant juniper species in relation to seasonal precipitation patterns. We modified coverage based on Little (1971) using information from Southwest Regional Gap Analysis Project (SWReGAP; http://earth.gis.usu.edu/swgap/landcover.html), Springfield (1976) , , and Forest Inventory Analysis data interpreted by Kristen Ironside (personal communication, 2006) to minimize overlap and clarify dominant overstory species and relationships with regional moisture patterns. Specifically, we modified the Little (1971) species distributions by 1) highlighting dominance of Juniperus monosperma in central Arizona and along the Arizona-New Mexico border, J. osteosperma in northwestern New Mexico, and J. deppeana in south-central Arizona; and 2) deleting J. monosperma in portions of central Colorado and southcentral New Mexico. Distribution of a fifth important, but wide-ranging, juniper species (J. scopulorum) is shown in Figure 1b . Distribution of Juniperus coahuilensis (Martiñez) Gaussen ex R. P. Adams (sensu ,Juniperus erythrocarpa Cory var. coahuilensis Martinez) is not shown but is largely coincident with J. deppeana in southeastern Arizona. Juniper species with ranges largely to the east, such as Juniperus pinchotii Sudw., Juniperus ashei J. Buchholz, and Juniperus virginiana L., are also not shown. Monsoon Index represents July to September precipitation as a percentage of annual total (calculated from 800-m PRISM data) and highlights a pronounced northwest to southeast moisture seasonality gradient from winter to summer moisture dominance. b, Distribution of three dominant piñon species (and J. scopulorum) in relation to seasonal precipitation patterns. Scattered areas of J. scopulorum that overlap with Pinus edulis and P. monophylla in eastern Nevada, south-central Utah, northern Arizona, and central New Mexico are not shown to improve clarity. Distribution of Pinus quadrifolia Parl. ex Sudw. is not shown. Monsoon Index represents July to September precipitation as a percentage of annual total (calculated from 800-m PRISM data) and highlights a pronounced northwest to southeast moisture seasonality gradient from winter to summer moisture dominance.
and chaparral species (e.g., Quercus gambelii Nutt., Quercus pauciloba Rydb. [Pro sp.] , and other Quercus L. spp.; Cercocarpus montanus Raf.; Amelanchier utahensis Koehne; and P. tridentata) is an important component of piñ on-juniper vegetation at higher elevations, notably in the southern Rockies and Colorado Plateau.
Three General Kinds of Piñon-Juniper Vegetation
We identify three fundamentally different kinds of piñ onjuniper vegetation, based primarily on canopy structure, understory characteristics, and historical disturbance regimes. The three kinds-persistent piñ on-juniper woodlands, piñ onjuniper savannas, and wooded shrublands-are summarized in Table 1 , and their general structure and distribution in relation to precipitation gradients is depicted in Figure 2 . There is great diversity within each of these general types with respect to species composition and stand structure, but this classification represents much of the variability in piñ on-juniper vegetation across the western United States. Research is underway to link these vegetation types to specific environmental characteristics that would allow for reliable prediction and mapping across large landscapes and regions, but at present, we can identify only some very general environmental correlates. Because historical stand structures, disturbance regimes, and landscape dynamics were significantly different among these three basic types of piñ on-juniper vegetation, we are careful to distinguish among the types in sections II and III below.
Potential Fire Behavior
In all three kinds of piñ on-juniper vegetation (Table 1) , there are important interactions among canopy fuel structure, understory fuel structure, and fire weather conditions (Fig. 3) . Continuity of canopy aerial fuels (the horizontal axis in Fig. 3 ) is key in determining crown fire behavior, especially in woodlands where understory shrubs are relatively sparse. Canopy fuel continuity is influenced most directly by total tree stem density, crown width, and crown fullness and continuity between individuals (often related to tree age and total stand age). Understory vegetation is relatively lacking in very dense woodlands, creating empty cells in Figure 3 ; however, in other woodlands, the understory may provide continuity among tree stems and ladder fuels under trees, especially where tall shrubs are present. Where Artemisia tridentata or a similar large shrub is a dominant shrub species, the shrub stratum is likely more important than the trees in carrying fire, especially if the trees are widely spaced. Also fundamental to fire behavior is total surface-fuel loading (the vertical axis in Fig. 3 ), influenced most directly by total biomass of small trees that provide litter fall, but most importantly by shrubs and other understory vegetation as well. Piñ on and juniper are able to become established and persist in very dry sites with widely spaced trees and a range of understory conditions. These often-complex arrangements of overstory and understory factors form a matrix of likely fire behavior, which would vary between modal (e.g., 80th percentile) and extreme (e.g., 95th percentile) fire weather conditions across all three piñ on-juniper types (Fig. 3) . This, in turn, affects residual structure, composition, and function over time.
Actual fire weather is critical in most combinations of tree, shrub, and understory cover types (Fig. 3) ; weather conditions determine the amount of tree mortality and the dynamics of fire spread, both within a stand and across a landscape in all three types of piñ on-juniper vegetation. However, stands with scattered trees among sparse understories of low shrubs and herbs almost always exhibit limited fire activity, given the general lack of fuel, and the trees growing in such a stand are relatively protected from fire. Conversely, dense woodland conditions become highly flammable with time (i.e., fuel accumulation over decades or centuries) regardless of fine fuel conditions; the probability of ignition and duration of the fire season define the actual fire return intervals for these ecosystems in which fire is typically stand-replacing. It is also important to distinguish between passive crown fires (torching of individual trees) versus active crown fires (running through the crowns of most trees); the probability of passive or active crown fire is related to overstory and understory fuel arrangements as well as extreme versus modal fire weather in all three piñ on-juniper types (Fig. 3) . If overstory and understory densities are relatively low, as in many very dry or rocky sites, even under the most extreme weather conditions there simply may not be enough fuel for either active or passive crown fires to occur; the fire may simply go out before traveling through a stand.
II. WHAT WE KNOW ABOUT PIÑ ON-JUNIPER ECOSYSTEMS
Statement 1: Spreading, Low-Intensity, Surface Fires
Spreading, low-intensity, surface fires had a very limited role in molding stand structure and dynamics of many or most piñ on Figure 2 . A general framework for the distribution of three broad types of western piñon and juniper woodlands (persistent woodland, savanna, and wooded shrubland; Table 1 ). These types are commonly situated in relation to the gradients of soil moisture that is available for trees and the regional seasonality of precipitation. However, at any local site, conditions such as substrate, landscape position, and disturbance regimes may support any of the three types, even where one type is generally more prevalent at the regional scale.
and juniper woodlands in the historical landscape. Historical fires generally did not thin from below, i.e., they did not kill predominantly small trees. Instead, the dominant fire effect was to kill most or all trees and to top-kill most or all shrubs within the burned area, regardless of tree or shrub size. This statement is also true of most ecologically significant fires today.
Applicability and Confidence. This statement is well supported by empirical research in persistent woodlands and wooded shrublands, and we state it with high confidence for these types (persistent woodlands and wooded shrublands). Pre-1900 disturbance regimes in piñ on-juniper savannas are not well understood; consequently, we have only low or moderate confidence that this applies to savannas.
Explanation. Spreading, low-intensity, surface fires (as opposed to stand-replacing fires) have been observed only rarely in piñ on-juniper vegetation during the recent period since Euro-American settlement (Baker and Shinneman 2004) . Apparently, such fire behavior was also rare in persistent woodlands and wooded shrublands before Euro-American settlement. Definitive fire-history evidence of a spreading, low-intensity, surface fire would include cross-dated fire scars at two or more locations along with intervening age-structure evidence that trees generally survived the fire (Baker and Shinneman 2004) . However, few places provide such evidence. On the contrary, fire scars are conspicuously absent or rare in most piñ on-juniper stands (Baker and Shinneman 2004 ; but see Burkhardt and Tisdale 1976; Wilkinson 1997; Brown et al. 2001; and Camp et al. 2006 for examples of studies where some fire scars were found).
Even when one finds fire-scarred trees, that evidence, by itself, does not necessarily confirm a history of low-severity, Table 1 . Three general types of piñon and juniper vegetation. A field key to the three types is provided in Romme et al. (2007) . Broad-scale structural and climatic patterns are depicted in Figure 2 . Site conditions Associated with a wide variety of substrates and topographic settings but most commonly found on rugged uplands with shallow, coarse-textured, and often rocky soils that support relatively sparse herbaceous cover; site conditions (soils and climate) and disturbance regimes (notably infrequent fire) are inherently favorable for tree growth.
Regional distribution
Found in appropriate upland locations throughout the West. Persistent woodlands appear to be especially prevalent on portions of the Colorado Plateau, where precipitation is bimodal, with small peaks in winter and summer.
Piñon-juniper savannas Canopy Low to moderate density and cover of piñon or juniper or both; the most common dominants are P. edulis, J.
monosperma, and J. deppeana.
Understory
Well-developed and nearly continuous grass (with forb) cover; shrubs may be present but are usually only a minor component.
Site conditions
Typically found on moderately deep, coarse to fine-textured soils in gentle upland and transitional valley settings or where local conditions are inherently favorable for grasses.
Regional distribution Especially prevalent in basins and foothills of New Mexico and Arizona, where a large proportion of annual precipitation comes during the growing season. Understory Well-developed shrub stratum with variable grass-forb cover and composition; shrubs constitute the underlying biotic community in these ecosystems.
Site conditions Associated with a wide variety of substrates and topographic settings, including shallow, rocky soils on mountain slopes to deep soils of intermontane valleys; site conditions are inherently favorable for shrub growth; thus, the tree component naturally waxes and wanes over time in response to a variety of climatic and disturbance factors (''areas of potential expansion and contraction'' in Romme et al. 2007 ).
Regional distribution Especially prevalent in the Great Basin, where the precipitation pattern is winter dominated and A. tridentata is a dominant shrub species; however, wooded shrublands can be found throughout the West, where local substrates favor shrub dominance.
spreading fire in piñ on-juniper woodlands. For example, at the upper ecotone between piñ on-juniper and ponderosa pine (Pinus ponderosa Douglas ex Lawson & C. Lawson) forest, at a site in northern New Mexico, two studies dated fire scars on ponderosa pine trees and documented 10-13 spreading fires during ca. 250 yr (Allen 1989 , Morino et al. 1998 . Evidence on tree survival among the fire-scarred trees was not collected, however, so it is not clear whether the fire actually burned the entire area or spread primarily through ponderosa pine stringers and around the islands of piñ on-juniper that may have lacked sufficient fine fuels to support low-intensity, surface fires. Fire scars were also found on piñ on trees at the ecotone between an open ponderosa pine forest and a piñ onjuniper woodland in south-central New Mexico (Muldavin et al. 2003) ; again, however, tree-age data were not sufficient to confidently reconstruct the spatial patterns of fire spread within the piñ on-juniper woodland. Huffman et al. (2008) recently sampled fire scars and ages of all tree species throughout two study sites located at ecotones between piñ on-juniper and ponderosa pine forests in northern Arizona and New Mexico; they concluded that the historical fires documented in the ponderosa pine forests generally did not spread through the adjacent piñ on-juniper portions of the study areas. A major reason why low-severity fires apparently are unimportant in most piñ on and juniper vegetation is that the fuel structure, especially in persistent woodlands and in wooded shrublands, is not typically conducive to a spreading, low-severity fire that would spread via fine fuels without killing the dominant trees or shrubs. Fine fuels are usually discontinuous (Floyd et al. 2000, Baker and Shinneman 2004) , and the major fuel components are the crowns of live shrubs and trees, which, if ignited, tend to burn completely with considerable heat release (Baker 2006 ; R. Tausch, personal observations). Thus, fires typically kill all of the trees and top-kill all the shrubs and herbs within the areas that burn; usually, the only surviving plants are those in patches that do not burn. Logically, it would seem that the fuel structure of piñ on and juniper savannas could support spreading, low-severity fire because of the grass component and that the climate in regions having extensive savanna could be conducive to widespread fire during dry seasons. This idea is depicted in Figure 3 as a possible exception to our statement that low-severity fires are generally unimportant in piñ on and juniper vegetation. However, rigorous empirical information on historical disturbance regimes in these ecosystems is lacking. Consequently, we were unable to develop any confident statements about the frequency or importance of fire, insect, disease, or climatic variability in the dynamics of piñ on and juniper savannas in the historical landscape. As emphasized in the section on research priorities in Romme et al. (2008) , obtaining this information should be a high priority for researchers.
A major problem in assessing the historical role (or lack of a role) of low-severity, surface fires in piñ on and juniper woodlands is that we do not know how often the trees scar when surface fires burn in their vicinity . Nevertheless, available evidence indicates that low-severity fires were generally absent in most piñ on and juniper woodlands, and if they did occur, they were likely patchy and of small extent (Baker and Shinneman 2004) .
In contrast to the lack of evidence for spreading, low-severity fires, there is abundant evidence that fires in piñ on and juniper woodlands, since Euro-American settlement, have been predominantly high-severity fires, commonly killing all the trees and top-killing the shrubs and herbs within the fire perimeter but often leaving some unburned islands of woodland (Baker and Shinneman 2004) . Fire-history studies and historical evidence also document high-severity fires in multiple locations around the West during the pre-Euro-American era (Eisenhart 2004; Floyd et al. 2004 Floyd et al. , 2008 Bauer 2006; Shinneman and Baker 2009 ). Limited evidence suggests that fires could, occasionally, have been variable in severity, resulting in some low-severity areas on the margins of large, high-severity fires, or in small islands not burned at high severity (Baker and Shinneman 2004) . Nevertheless, high-severity fire was likely the dominant type of fire in these woodlands in both historical and modern eras.
Two major reasons why fires tend to burn with high severity in piñ on and juniper vegetation are 1) the usual fuel structure, as explained above; and 2) that almost all piñ ons and junipers are relatively intolerant to fire because of their thin barks and typically low crowns. Unlike ponderosa pine, which self-prunes lower branches and develops thick bark with age, piñ ons and most juniper species are usually killed by fire, even when mature. We note, however, that older piñ ons can have bark . 2 cm thick, and it is unknown how these trees may have responded to historical, surface fires, if they occurred. Mature J. deppeana trees can also survive fire, and they commonly resprout if top-killed by fire.
The extent and spatial pattern of high-severity fire varies in time and space from very small (, 0.1 ha) and fine grained to very large and coarse grained (hundreds to thousands of hectares) as a function of fuel structure and fire weather (Fig. 3) . Although we know that high-severity fires occurred in the past, we have little specific data on fire sizes and spatial patterns during the pre-Euro-American period (but see Floyd et al. 2004 Huffman et al. 2008) . Nevertheless, the dominant effect observed in recent fires in piñ on-juniper vegetation has been complete or nearly complete tree mortality throughout the area burned, and the effect was likely similar in historical fires.
Statement 2: Disturbances Other Than Fire
In many piñ on and juniper woodlands, stand dynamics are driven more by climatic fluctuation, insects, and disease than by fire. Although increases in piñ on and juniper density have received much attention in many areas (see statement 5 below), loss of piñ on and juniper (especially from marginal sites) has also occurred recently and in the past. For example, a widespread and severe piñ on mortality event occurred in 2002-2004 in the Four Corners region (Colorado, Arizona, New Mexico, and Utah) as a result of drought, high temperatures, and bark beetle outbreaks.
Applicability and Confidence. This statement is well supported by empirical research in persistent woodlands, and we state it with high confidence for this type (persistent woodlands). The historical role of climatic fluctuation, insects, and disease is less well known for wooded shrublands and is almost unknown for savannas; consequently, we make this statement with moderate and low confidence, respectively, for these two types (wooded shrublands and savannas).
Explanation. Scientists and managers have traditionally placed greater emphasis on wildfire as a shaper of piñ on and juniper ecosystems than on other types of natural disturbance. Increasingly, however, there is awareness that the dynamics in many piñ on and juniper woodlands are driven more by drought stress and its accompanying suite of diseases, insects, and parasites than by fire. Indeed, studies of old piñ on and juniper woodlands often reveal an accumulation of coarse wood in the understory from trees that were killed by agents other than fire and have persisted because of the absence of fire (Betancourt et al. 1993; Waichler et al. 2001; Floyd et al. 2003; Eisenhart 2004 ).
Chronic, low-level tree mortality results from local insect and disease processes, e.g., native black stain root disease (Leptographium wageneri [W.B. Kendr.] M.J. Wingf.) on P. edulis in southwestern Colorado (Kearns and Jacobi 2005) . Stand dynamics are also punctuated more dramatically by episodic mortality or by recruitment events that occur in response to extreme weather patterns and insect outbreaks (Betancourt et al. 1993; Swetnam and Betancourt 1998; Knapp and Soule´1999; Soule´and Knapp 2007) . For example, substantial P. edulis mortality occurred in many parts of New Mexico during the severe, regional drought of the 1950s (Swetnam et al. 1999 ). More recently, drought and high temperatures in 2002-2004 caused high mortality of P. edulis throughout the Four Corners region (Breshears et al. 2005; Shaw et al. 2005; Greenwood and Weisberg 2008) and shifted canopy dominance of some stands from piñ on to juniper (Mueller et al. 2005) . Mortality data from this recent drought event indicate that trees of cone-bearing age were more likely to die (Mueller et al. 2005; Selby 2005 ; C. D. Allen, unpublished data, 2008; M. L. Floyd, unpublished data, 2008) , which will likely influence the trajectory of recovery for decades. (We note, however, that abundant piñ on reproduction is now present in at least some affected stands; B. Jacobs, unpublished data, 2008) .
Climatic reconstructions based on tree rings from throughout the West demonstrate that the recent Four Corners drought is not unprecedented and that droughts of similar or greater magnitude have occurred many times in the past (Betancourt et al. 1993; Ni et al. 2002; Gray et al. 2003) . For example, widespread tree mortality during a very severe megadrought in the late 1500s may explain the rarity of piñ on older than 400 yr in the Southwest (Swetnam and Brown 1992; Betancourt et al. 1993; Swetnam and Betancourt 1998) . Studies in the Southwest also demonstrate that recovery from drought may occur as a pulse of tree establishment and recruitment during the first wet period that follows the drought (Swetnam et al. 1999; Gray et al. 2006; Shinneman and Baker 2009 ). In some areas, in fact, recovery since the late 1500s megadrought may be responsible for recent and ongoing increases in tree density (see section III below).
Although recent woodland expansion has received much attention (see statement 5), contraction of woodlands has also been documented. For example, some of the 20th century expansion of woodland trees into sagebrush on the Uncompahgre Plateau in western Colorado appears now to be undergoing reversal as young trees have died in recent droughts (K. Eisenhart, unpublished data, 2008) . Thus, for thousands of years, tree expansion and contraction may have been a normal part of climatically driven fluctuations in woodland densities, perhaps especially at the ecotones with sagebrush, grasslands, and other nonwoodland vegetation. Savannas and wooded shrublands, in particular, are probably dominated by trees during periods of moist climatic conditions or infrequent fires, but by grasses or shrubs during droughts or periods with more frequent fires or insect outbreaks. It follows that the recently observed woodland infill and expansion may be reversed by future contractions of woodland in at least some areas.
Statement 3: Fire Intervals and Rotations
Historical fire rotations (i.e., the time required for the cumulative area burned to equal the size of the entire area of interest) and fire intervals, at the stand level, varied from place to place in piñ on and juniper woodlands but, in many places, were very long (generally measured in centuries). Indeed, some piñ on and juniper woodlands have been stable for hundreds of years without fire, other than isolated lightning ignitions that burned only single trees or small patches and produced no significant changes in stand structure. Many piñ on and juniper woodlands today show no evidence of past widespread fire, although they may have burned extensively in the very remote past (many hundreds or thousands of years ago).
Applicability and Confidence. This statement is well supported by empirical research in persistent woodlands, and we state it with high confidence for this type (persistent woodlands). We have little quantitative information on fire history in wooded shrublands and consequently we have only moderate confidence in this statement for this type (wooded shrublands). Fire intervals may have been substantially shorter in piñ on-juniper savannas than in the other two types (persistent woodlands and wooded shrublands), but we have almost no empirical data on pre-1900 fire regimes in savannas and therefore we have low confidence in our statements about this type (savannas).
Explanation. Only a few rigorous estimates of historical fire rotation for piñ on-juniper woodlands have been made on the basis of adequate empirical data, but these studies all report very long rotations. Examples include 410 yr or 427 yr (depending on the method of calculation) in Barrett Canyon of central Nevada (Bauer 2006) , 480 yr in southern California (Wangler and Minnich 1996) , 400-600+ yr on the Uncompahgre Plateau in western Colorado (Shinneman and Baker 2009) , and 400+ yr on Mesa Verde in southwestern Colorado and on the Kaiparowits Plateau of southern Utah (Floyd et al. 2004 . Huffman et al. (2008) estimated shorter rotations of 340 yr and 290 yr at two sites in northern Arizona and New Mexico, respectively, but these sites represented ecotones between piñ on-juniper woodlands and ponderosa pine forests. Note that fire rotation is a different concept and metric than mean composite fire interval. Because the latter metric may be influenced strongly by sampling intensity and scale (Hardy 2005; Reed 2006 ), we emphasize here the fire rotation concept, which is roughly equivalent to the average fire interval at a small point on the ground. We emphasize that that historical fire rotations and point intervals were much longer than is often assumed for piñ on or juniper vegetation in general (e.g., Schmidt et al. 2002) . We also note that modern fire intervals may be getting shorter, as explained in statement 4 below.
Consistent with the idea of very long fire rotations, many persistent woodlands exhibit little to no evidence that they ever sustained widespread fires during the period that the trees in the stand have been alive. Living trees in these stands are typically very old (300-1 000 yr) and exhibit multiaged structure, often reflecting episodic tree recruitment events (see, e.g., Waichler et al. 2001; Floyd et al. 2003 Floyd et al. , 2004 Floyd et al. , 2008 Eisenhart 2004; Shinneman and Baker 2009 ). It is difficult to accurately gauge the time since the last major disturbance from living trees alone in such stands because they typically contain even older logs or snags that overlap the time spans of the living trees (i.e., they were not killed in a past stand-opening event). Charred snags and logs are either absent or extremely sparse. There may be individual charred boles or small patches of charred boles, which apparently represent lightning ignitions in the past that failed to spread, but no extensive or continuous evidence of past fire.
Ancient, persistent woodlands are often located on rocky or unproductive sites with widely scattered trees, where understories are mainly bare ground with sparse vegetative cover. However, they also include some higher-density woodlands growing on more productive sites (see, e.g., Floyd et al. 2004 Floyd et al. , 2008 , and they may cover extremely large portions of some areas, such as the mesas, plateaus, and bajadas in southern Utah, western Colorado, northern Arizona, and northwestern New Mexico. Examples of locations where tree-ring data document old trees and a lack of widespread fire include pumice-sandy soils in central Oregon (Waichler et al. 2001) ; near the northeastern edge of the Uinta Range in Utah (Gray et al. 2006) ; the Tavaputs Plateau and several of the bajada communities on the fringes of the southern Utah mountain ranges (E. K. Heyerdahl, P. M. Brown, and S. T. Kitchen, unpublished data, 2009); the Kaiparowits Plateau in Utah Betancourt, unpublished data, 2008) . Persistent woodlands of this kind are especially prevalent in portions of the Colorado Plateau and Great Basin. They also probably occur throughout the range of piñ on and juniper vegetation, although they may be less common in regions having monsoon-dominated precipitation patterns, such as southern New Mexico (Fuchs 2002; E. C. Fuchs, personal communication, March 2007) .
Statement 4: Recent and Historic Stand-Replacing Fires
Recent, large, severe (stand-replacing) fires in piñ on and juniper woodlands are, for the most part, similar to fires that occurred historically.
Applicability and Confidence. This statement is best supported by empirical research in persistent woodlands, where some large, severe, pre-1900 fires have been documented. However, it is unclear whether the very large size of some recent, standreplacing fires is exceptional (because of changing climate or fuels conditions) or represents a kind of infrequent, but nevertheless natural, event in this vegetation type (persistent woodlands). Consequently, we make this statement with moderate confidence for persistent woodlands. Historical fire size and severity are less well documented for wooded shrublands and very poorly documented for savannas; consequently, we make this statement with low confidence for these two types (wooded shrublands and savannas).
Explanation. An upsurge of large fires (. 400 ha) in forested landscapes throughout much of the western United States began in the mid-1980s (Westerling et al. 2006) . Increasing trends in large fire frequency and total area burned are particularly noticeable in some regions having extensive piñ on-juniper woodlands (e.g., the Southwest and the northern Great Basin). For example, a greater proportion of the piñ onjuniper woodland on Mesa Verde, Colorado, burned in the decade between 1995 and 2005 than had burned throughout the previous 200 yr (Floyd et al. 2004) .
We know that large, severe fires occurred in piñ on-juniper woodlands in the past, although we have little information on extents or spatial patterns of those fires. Truncated age structures of live piñ on trees and abundant, charred juniper snags document the occurrence of large fires (at least hundreds of hectares in extent) in the 1700s on Mesa Verde in western Colorado and in the 1700s or 1800s on the Kaiparowits Plateau of southern Utah (Floyd et al. 2004 . In southcentral New Mexico, an extensive shrubland patch embedded within otherwise continuous piñ on-juniper woodlands of the Oscura Mountains is suggestive of a high-severity fire in the 1800s, although the tree-ring studies needed to confirm this hypothesis have not yet been conducted (Muldavin et al. 2003) . Thus, it follows that the recent occurrence of high-severity fires in piñ on and juniper woodlands is not unprecedented; however, we have inadequate historical information with which to confidently evaluate how the frequency and extent of recent high-severity fires in this vegetation type compare with historical fire events.
Changes in fuel structure have probably contributed to the recent increase in large fires in some parts of the West. For example, fire exclusion in some ponderosa pine and dry, mixed-conifer forests has allowed fuel mass and vertical continuity to increase (Allen et al. 2002; Hessburg and Agee 2003) , although recovery from 19th-century fires, logging, and livestock grazing, rather than fire exclusion, are likely the principal mechanisms of this change in other ponderosa pine forests ). Invasion by highly flammable annual grasses (e.g., cheatgrass, Bromus tectorum L.) has increased horizontal fuel continuity and likelihood of extensive fire spread in many semiarid vegetation types, including piñ onjuniper woodlands and shrublands of the Great Basin and Colorado Plateau (Whisenant 1990; Knapp 1996) .
However, frequency of large fires also has increased in other forest types, where changes in fuel conditions are probably far less important, e.g., in high-elevation forests of the northern Rocky Mountains (Schoennagel et al. 2004 ), leading Westerling et al. (2006) to suggest that an equal or more important mechanism may involve the warmer temperatures, longer fire seasons, and high amplitude of wet/dry years in recent decades. A trend of lower frequency and later onset of midlatitude summer cyclones (which bring cool or moist conditions to interior North America) may also contribute to the recent upsurge in large fires . A similar increase in the frequency of large fires has also been documented in portions of Canada, where changes in forest conditions due to land use are minimal, again suggesting a primarily climatic mechanism (Gillet et al. 2004; Girardin 2007) . It should be noted that although increases in numbers of large fires and area burned are striking in some regions and in broad composite data from the western United States and Canada, some subregions show little or no clear evidence of major changes in fire activity in recent decades (Westerling et al. 2006) .
Given the very long fire rotations that naturally characterize piñ on and juniper woodlands, especially persistent woodlands (see statement 3), we cannot yet determine whether the recent increase in frequency of large fires occurring in this vegetation type represents genuine directional change related to changing climate or fuel conditions or is simply a temporary episode of increased fire activity, comparable to similar episodes in the past. In any event, the suite of current and upcoming broadscale environmental changes-warming temperatures, increasing tree densities in some areas (see statement 5), and expansion of fire-promoting species, such as cheatgrass-may all interact to dramatically increase the amount of burning in piñ onjuniper and other vegetation types over the next century.
Statement 5: Tree Density and Canopy Cover
Tree density and canopy coverage have increased substantially during the past 150 yr in many piñ on and juniper woodlands but have not changed or have declined in others. Former grasslands and shrublands in some regions have also been converted to savanna or woodland as trees have expanded into previously nonwoodland sites, but expansion has been less common or nearly lacking in other regions.
Applicability and Confidence. This statement is well supported by photographic evidence and age-structure data from many different locations across the West, where an increase or a decrease or no change is apparent in persistent woodlands, wooded shrublands, and savannas. Consequently, we state it with high confidence for all three types of piñ on and juniper vegetation.
Explanation. Infill of previously existing piñ on and juniper woodlands and expansion of piñ on and juniper into former grasslands and shrublands during the past 150 yr have been well documented in many parts of the western United States (examples below). However, the pattern of infill and expansion is not uniform throughout the region. For example, a comparison of aerial photographs from 1937, 1965-1967, and 1994 on the Uncompahgre Plateau in western Colorado revealed minimal net change in density or extent of piñ onjuniper woodlands (Manier et al. 2005) . Sallach (1986) documented increasing tree densities in many locations in New Mexico but also declines in the abundance of piñ on and juniper in other places; similarly, B. Bestelmeyer (unpublished data, 2008) recorded both local density increases and decreases (from tree harvest) since the 1930s in a central New Mexico study area. Therefore, one cannot necessarily assume that piñ on and juniper are increasing in density in any particular portion of their range without local data.
Infill and expansion have occurred over extensive portions of the Great Basin. For example, tree age structures in old persistent woodlands of central Nevada show dramatic increases in establishment of new trees beginning in ca. 1880 (Bauer 2006 ). On tablelands of southeast Oregon and southwest Idaho, where low sagebrush (Artemisia arbuscula Nutt.) is the predominant woody layer, but scattered J. occidentalis trees are also present, sampling of live and dead trees revealed a gradual increase in tree densities since the late 1800s in many areas (Johnson and Miller 2006) . In some places, however, the magnitude of infill has been relatively small. For example, in central Oregon, just east of the Cascade Mountains, . 67% of the trees . 1 m in height became established before 1870, and most individuals , 1 m in height were growing slowly with very narrow rings-demonstrating that small trees actually may be relatively old, especially on sites with poor growing conditions (Waichler et al. 2001) . In a dense, old, persistent woodland occupying . 1 000 ha in southeast Oregon, infill is occurring in the outer edges of the stand, but little infill has occurred in much of the main core where understory trees of 0.5 m and 1.0 m in height are 100-250 yr old (R. F. Miller, unpublished data, 2008) .
Impressive infill and expansion of trees has also occurred in wooded shrublands and sagebrush-grasslands of the Great Basin, where woodland area may have increased by an order of magnitude since the mid-19th century (Miller and Tausch 2001) . For example, in stand reconstructions across an extensive area in northwest Utah, central Nevada, southwest Idaho, and southeast Oregon, extant and dead trees dating to the period before 1860 were found in only 16-67% of current woodland stands, suggesting that the current area occupied by trees has increased 150-625% since 1860 .
In that study, old trees (. 140 yr) were usually scattered in low densities across the landscape with no evidence that pre-1860 stands were as dense as many stands today. In another study, old trees (. 140 yr) accounted for , 10% (usually , 2%) of the individuals that were . 30 cm in height (Johnson and Miller 2007) . Similarly, Gedney et al. (1999) ) or even a doubling every 30 yr (Soulé et al. 2004 ). Bauer (2006) observed a sharp increase in the rate of tree establishment beginning in ca. 1880, when the stem-density doubling interval decreased from 85 yr to 45 yr. Expansion of trees into former shrublands is occurring extensively on more productive, mesic sites, along with infill of old woodlands on less-productive, drier sites . However, there is geographic variability in the initiation and rate of increase in density: for example, across six woodland stands in the northern portion of the Great Basin, tree age structures revealed a gradual shift from substantial increases in piñ on and junipers through the middle 20th century to relatively limited establishment at the end of the century .
Moving to the Colorado Plateau, age reconstructions in northern Arizona document infill of persistent woodlands on three common soil types (Landis and Bailey 2005) . Infill of persistent woodlands and wooded shrublands and expansion of piñ on and juniper into shrublands is also occurring locally on portions of the Uncompahgre Plateau and Mesa Verde in southwestern Colorado (Eisenhart 2004; Floyd et al. 2004; Shinneman and Baker 2009 ). Most of the infill on the Uncompahgre Plateau is by P. edulis (Shinneman and Baker 2009) . Despite the local occurrence of infill and expansion in this region, net change in tree density and coverage at a broad landscape level has been minimal (Manier et al. 2005) . Further evidence that the actual change in vegetation structure in this region has been relatively minor overall comes from photographs of Mesa Verde taken in the late 1800s (e.g., Chapin 1892), which show dense woodlands similar in appearance to those of today, and descriptions of dense tree cover in written reports from the early 20th century-e.g., Cary (1911) : Extensive infill of former savannas and expansion of trees (especially J. monosperma) into former grasslands are well documented in New Mexico and Arizona by written and oral accounts (Leopold 1924 (Leopold , 1951 , by aerial and ground-based repeat photography (e.g., Sallach 1986; Miller 1999; Fuchs 2002) , and by tree age structure analyses . For example, a comparison of aerial photos of a southwestern New Mexico study area revealed that former grasslands and juniper savannas had been largely replaced by relatively dense stands of J. deppeana, such that forests and woodlands having . 40% tree canopy cover comprised , 50% of the landscape in 1935 but had risen to . 80% by 1991 (Miller 1999 ).
An important management question is whether any particular woodland on the landscape today has long been occupied by trees-either as persistent woodland or savanna or wooded shrubland-or represents a former grassland or shrubland that has been converted to woodland via tree expansion during the past 150 yr. A variety of methods is available for answering this question, although each method has inherent limitations. Aerial-based and ground-based repeat photography is a powerful tool if available, but we lack historic photo coverage for much of the West. Visual and rephotographic sources also have limited ability to distinguish among changes in tree density, tree size, and canopy cover. For instance, resampling of permanent plots showed that a visually apparent increase in tree cover did not represent a substantial density increase, but primarily reflected enlarging of tree canopies as trees age (Ffolliott and Gottfried 2002) . Age structure analysis based on tree rings also provides powerful insights into stand history, although this method is expensive and time-intensive. An age structure composed entirely of young trees, coupled with an absence of large dead boles, stumps, or other evidence of past disturbance by fire or wood harvest, indicates that a site was not wooded for at least a few centuries before the establishment of the extant trees .
Data from both photos and tree rings are limited to only the past one to several centuries because of the availability of the technology and the gradual loss of older trees over time (the ''fading record''; Swetnam et al. 1999) . A longer-term view of vegetation change over centuries or millennia can be obtained from pack rat (Neotoma spp. Say and Ord, 1825) middens, which often contain plant materials collected and preserved through millennia. It must be recognized, however, that midden data indicate only the presence or absence of plant species; they do not tell us much about abundance (Lyford et al. 2004 ). Moreover, pack rats tend to collect vegetation in the rocky areas around their nests, so middens may not reflect changes occurring in areas far away from the rocks where some of the most dramatic recent tree expansion appears in photographic comparisons (Swetnam et al. 1999) . One of the strongest forms of evidence that a local area was persistently occupied by grassland, shrub-grassland, or low-density savanna in the past is the presence of a mollic epipedon, which typically develops where grasses are a dominant vegetation component over long periods. However, in some areas the upper soil horizons have been entirely lost through previous erosion (sometimes as a consequence of poor grazing practices), thus complicating accurate soils interpretations .
A novel indicator of former sagebrush communities is the presence of sage-grouse (Centrocercus urophasianus Bonaparte, 1827) leks. Some areas of current woodland are documented to have supported sage-grouse populations in the late 1800s and early 1900s. Sage-grouse hens renest in the same general sagebrush-dominated areas year after year, and their mature offspring do the same; colonization of new areas is slow (Dunn and Braun 1985; Hanf et al. 1994; Connelly et al. 2004; Schroeder and Robb 2004) . Thus, documented past use by sage-grouse in a woodland today is evidence that the woodland has developed within a former sagebrush community.
Statement 6: Mechanisms for Increasing Density and Expansion
The mechanisms underlying increasing tree density in existing piñ on and juniper woodlands and the expansion of piñ on and juniper into grasslands and shrublands are not well understood in most situations. Possible mechanisms include recovery from past, severe disturbance; natural, ongoing, Holocene range expansion; livestock grazing; fire exclusion; and effects of climatic variability and rising atmospheric CO 2 . Fire exclusion cannot be the principal mechanism in persistent woodlands because fires were never frequent in these ecosystems, but in general, there is much uncertainty about the ecological processes driving tree-density increases in any particular location. The evidence for and against each of these potential mechanisms is evaluated in section III of this article.
Applicability and Confidence. The major ecological processes that underlie documented increases in tree density probably vary among geographic locations and types of piñ on and juniper vegetation and may also have varied during the course of the past 150 yr. Although local ecological history and mechanisms of change have been well documented in some areas, for most locations the relative importance of the potential drivers of increasing tree density is unknown. Rigorous testing of the potential mechanisms discussed in section III of this article should be a high-priority topic for research.
III: EVALUATING THE MECHANISMS OF INFILL AND EXPANSION
A pattern of increasing tree density in many persistent woodlands, savannas, and wooded shrublands and of tree expansion into many former grasslands and shrublands, is well documented (statement 5 in section II, above). However, the mechanisms driving these changes are unclear. This is an important issue, because infill and expansion are often attributed primarily to effects of fire exclusion; consequently vegetation treatments designed to reduce or eliminate piñ ons and junipers are often justified in part by the assumption that past and present land uses have produced ''unnatural'' increases in tree density. Although this assumption is probably correct in some situations, clearly, it is not correct in all. For example, exclusion of low-severity surface fires during the 20th century cannot be the primary reason for infill of persistent woodlands, because low-severity fire was never frequent in these ecosystems, even before EuroAmerican settlement (statement 1). Furthermore, in many places, we can explain increasing tree density as recovery from severe fire or anthropogenic clearing in the past or as natural range expansion near the biogeographical limits of a tree species. Therefore, we begin this section by reviewing these two ''normal'' and relatively well-understood mechanisms for increases in local tree density or extent (i.e., recovery from past severe disturbance and natural range expansion). But what is driving the infill of persistent woodlands, savannas, and wooded shrublands, and expansion of piñ on and juniper into former grasslands and shrublands, in the many places across the West, where there is no evidence of earlier severe fire or clearing and where infill and expansion are occurring near the center of the species' biogeographical distributions? In the sections below, we evaluate the three most cogent explanations that have been offered for these patterns: 1) direct and indirect effects of livestock grazing, 2) fire exclusion, and 3) effects of climatic variability and rising atmospheric CO 2 . Surprisingly little empirical or experimental evidence is available to support or refute any of these hypotheses; most interpretations are based on logical inference. Consequently, we cannot now come to any firm conclusions about the mechanisms driving infill and expansion of piñ on and juniper in many locations. Nevertheless, we review existing evidence and data gaps for each of these three hypotheses, and we stress that this question is a high-priority research topic for piñ on-juniper vegetation in general.
Recovery From Past Severe Disturbance
Although fires are infrequent in most piñ on and juniper woodlands, large, severe fires do occur under some weather conditions (Fig. 3) , and recovery of the former woodland structure requires many decades to centuries (e.g., Erdman 1970; Floyd et al. 2000 Floyd et al. , 2004 . Evidence of a stand-replacing fire will remain conspicuous for many decades or centuries in the form of charred snags and downed wood. Thus, a stand of young piñ ons or junipers growing amidst charred juniper snags and other forms of partially burned wood is not testimony to undesirable effects of fire exclusion but simply represents recovery from a past high-severity fire.
Similarly, many areas that were chained in the 1950s and 1960s now support dense stands of young piñ ons or junipers that can give the appearance of expansion into grasslands or shrublands (e.g., Paulson and Baker 2006:143-146) ; however, closer inspection often reveals windrows of large, dead tree boles that were piled up during the chaining operation, along with stumps and seeded nonnative grasses. Such a stand of young trees does not represent abnormal expansion of trees into nonwoodland habitats but is another example of natural recovery from severe disturbance. Widespread harvest also occurred during the Euro-American settlement era to provide materials for fence posts, firewood, construction materials, and charcoal to support the mining industry, e.g., in the Nevada Great Basin, (Young and Budy 1979) and in territorial New Mexico (Scurlock 1998:128-129) . Sallach (1986) interpreted 20th century increases in tree density in many places in New Mexico as recovery of preexisting woodlands following severe human disturbance (wood-cutting and clearing for pasture improvement) rather than infill or invasion of previously sparse woodlands and grasslands. In some portions of the Southwest, woodlands may still be recovering from centuries of deforestation and other land uses by prehistoric and historic Puebloan peoples (Wyckoff 1977; Samuels and Betancourt 1982; Kohler and Matthews 1988; Allen et al. 1998; Allen 2004:64-66; Briggs et al. 2007) .
Unfortunately, the extent, intensity, and specific locations of historic and prehistoric fire, harvest, and clearing are not generally well known. Nevertheless, particularly if a burned or cleared stand was a persistent woodland, then local site conditions are inherently favorable for trees, and we should expect trees to reestablish naturally on the disturbed site.
Natural Range Expansion
The presence of young piñ on and juniper trees near the species' current geographical range limits may represent natural, longterm change in biogeographical extent, rather than unnatural expansion into nonwoodland habitats. Studies of subfossil pollen deposits and pack rat middens reveal that many lowelevation conifer species, including junipers, piñ ons, and ponderosa pine, have been expanding their ranges throughout the Holocene (the past ,12 000 yr) from glacial refugia in the Southwest and in northern Mexico. In response to increasing temperatures and perhaps aided by moist periods, piñ ons expanded rapidly into the central and northern parts of the western United States at the end of the Pleistocene (Betancourt 1987; Nowak et al. 1994; Swetnam et al. 1999; Wigand and Rhode 2002) , whereas junipers may have expanded with increasing temperatures but during drier periods (Lyford et al. 2003) .
This natural range expansion continues today. For example, the northernmost P. edulis population in eastern Colorado, near Fort Collins, has been present for only about 400-500 yr, and piñ on continues to increase and expand into adjacent shrub and grassland communities (Betancourt et al. 1991) . Similarly, the northernmost outlier of P. edulis in northeastern Utah, at Dutch John Mountain, was colonized as recently as the 1200s (Gray et al. 2006) . J. osteosperma has also been expanding its range in Wyoming and in adjacent sites in Utah and Montana for the past several thousand years, both at a regional scale by moving into new mountain ranges and at local scales by expanding populations where it was already established. In fact, juniper populations in some parts of Wyoming may represent the first generation of trees in these areas (Lyford et al. 2003) . In addition to latitudinal range expansions following the Pleistocene, piñ ons and junipers have moved to higher or lower elevations in response to the climate changes that have occurred during the Holocene; for example, woodlands in the Great Basin have alternately expanded across large areas of the landscape during favorable climatic periods and retreated to smaller refuge areas during less-favorable periods (Miller and Wigand 1994) . Thus, some expansions (and contractions) of piñ ons and junipers represent the species' responses to natural processes, such as climate change, rather than a consequence of land use or other human activities.
Unfortunately, not all of the specific locations where natural biogeographic range expansion is occurring have been mapped. Nevertheless, this mechanism should be considered in local site evaluations, especially where a site is located near the margins of the species' range.
Direct Effects of Livestock Grazing
Extensive livestock grazing began in the late 1800s in many parts of the western United States (Wooton 1908; Oliphant 1968; Dahms and Geils 1997; Scurlock 1998; Allen et al. 2002; Hessburg and Agee 2003) , and extensive infill and expansion of piñ on and juniper began at the same time in many areas (e.g., Miller and Rose 1999; Fuchs 2002; Landis and Bailey 2005; C. D. Allen, unpublished data, 2008) . The coincidence in time between the onset of grazing and the increasing of tree density suggests a direct cause-effect relationship. Two mechanisms may be involved. First, heavy grazing may reduce herbaceous competition with tree seedlings and thereby enhance seedling survival. Support for this mechanism comes from the Johnsen (1962) report of markedly better growth of juvenile J. monosperma in places where grass had been removed. Second, heavy grazing often leads to an increase in density and cover of shrubs, which may serve as ''nurse plants'' for tree seedlings (Floyd 1982; Soulé et al. 2004) .
However, empirical evidence for or against the grazing mechanism is sparse and mixed. Density of tree seedlings and saplings (mostly P. edulis) was nearly three times greater in grazed areas than in ungrazed reference sites on the Uncompahgre Plateau in western Colorado (Shinneman and Baker 2009 ). In contrast, Harris et al. (2003) reported comparable 20th century increases in density of P. edulis and J. osteosperma in both grazed and ungrazed areas in a southern Utah study site, and Burkhardt and Tisdale (1976) found no relationship between range condition (reflecting past grazing intensity) and rate of expansion by J. occidentalis in southwestern Idaho. A comparison of four minimally grazed sites with nearby heavily grazed sites in central Oregon revealed dramatic increases in canopy cover of J. occidentalis between the 1960s and the 1990s in both the grazed and ungrazed areas. Although the increase was greater in the grazed sites, the dramatic rate of young tree establishment in long-ungrazed sites led to the conclusion that grazing was not the major driver for tree infill and expansion in the region (Knapp and Soulé 1996; Knapp 1999, 2000; Soulé et al. 2003) . Observers often note anecdotally that lightly grazed areas appear to contain as many young trees as heavily grazed areas, e.g., in the northern Great Basin (R. F. Miller, personal observation) and in south-central New Mexico (E. H. Fuchs, personal communication, March 2007) .
It is well known that grazing effects can be extremely variable across different soil types within the same climatic zone. For example, McAuliffe (2003) noted that grazed soil types with shallow argillic horizons are much more resistant to woody plant encroachment than are sites that promote deeper infiltration, and Burkhardt and Tisdale (1976:481) commented that physical soil characteristics appeared to influence juniper establishment and growth more than vegetational characteristics influenced by grazing. Moreover, the mechanistic relationship between herbaceous competition and tree seedling establishment has received little experimental testing beyond the early Johnsen (1962) study.
Thus, we simply lack adequate empirical or experimental information with which to confidently evaluate the importance (or lack of importance) of the direct effects of livestock grazing as a key mechanism driving tree infill and expansion during the past 150 yr. However, the indirect effect of livestock grazing may also have been important because sustained heavy grazing reduces grasses and other herbaceous fuels, thus reducing fire spread under both modal and extreme fire weather conditions (Fig. 3) . In some western ponderosa pine and dry mixed-conifer forests, exclusion of low-severity fires has been a principal mechanism driving tree density increases during the 20th century (e.g., Allen et al. 2002; Hessburg and Agee 2003) , although, in other western ponderosa pine forests, the principal mechanisms were 19th century fires, logging, and livestock grazing, rather than fire exclusion ). Thus, the importance of this indirect effect of grazing hinges on the importance of fire exclusion in driving infill and expansion of piñ ons and junipers (next section below).
Fire Exclusion
Fire exclusion cannot be the principal mechanism responsible for infill of persistent woodlands because fires were never frequent in these ecosystems (statements 1-3 in section II above). However, a logical argument can be made that fire exclusion since the mid-1800s is a primary cause of piñ on and juniper infill in savannas and wooded shrublands and of tree expansion into former grasslands and shrublands. Southwestern savannas and grasslands, in particular, often produce continuous fine fuels conducive to frequent and wide-spreading fires, and they occur in regions where wet/dry climatic cycles are common. Thus, it is logical to hypothesize that historical fires in these ecosystems were frequent enough to kill most of the fire-intolerant piñ ons and junipers that continually became established among the fire-tolerant grasses. Fire behavior and effects in wooded shrublands (especially those with tall shrubs) differ from fire in savannas in that the shrub fuels typically support higher flame lengths, greater heat release, and greater likelihood of extensive tree mortality (Fig. 3) , and postfire recovery of the shrubs is often slower than recovery of burned grasses. Nevertheless, in both kinds of ecosystems recurrent fires may have maintained tree densities well below what could potentially be supported by local climate and soils; higherdensity stands may have persisted only in relatively fire-safe sites, such as on rocky outcrops or in rocky draws, where fire spread or high-severity fire was inhibited. Support for the fireexclusion hypothesis comes from the extensive infill and expansion that began to occur in many places in the late 19th century, coincident with the onset of livestock grazing and the resulting reduction in the frequency of extensive surface fires. Grazing intensity was greatly reduced in most of the West after 1930, but effective governmental fire suppression began to be more effective at about that time (Pyne 1982) , and additional land use changes-notably those resulting in fragmentation of landscapes, including roads, buildings, and cleared fields-have generally precluded the extensive fires that may have burned before the late 19th century in many areas.
Although this interpretation is logical, it has a major empirical shortcoming-namely, that the assumption of frequent historical fires is unproven (even untested) in many areas. In the relatively few fire history studies that have been conducted in piñ on and juniper vegetation, fire-scarred trees (perhaps the most conclusive direct evidence of past fires) are typically rare or absent (Baker and Shinneman 2004) . There are questions about how to interpret the paucity of fire-scarred piñ ons and junipers (see the research priorities section in Romme et al. 2008) , but a general lack of fire scars is consistent with the idea that fires were actually infrequent in all or most kinds of piñ on and juniper vegetation in the past. If fire was in fact infrequent in piñ on and juniper vegetation before the late 1800s, then fire exclusion cannot be the major driver of tree infill and expansion during the last 150 yr. Thus, we see that two logical, but contradictory, interpretations can be made about the historical role (or lack of a role) of fire in limiting piñ on and juniper infill and expansion. To critically evaluate both interpretations, we need more spatially extensive empir-ical data on piñ on-juniper fire history, especially in piñ on and juniper savannas where the hypothesis of historically frequent fire is perhaps most compelling based on fuel structure and climate.
In the absence of adequate empirical data, interpretations of fire history are often based instead on anecdotal observations and logical inference. There is also a tendency to import observations from areas of very different biophysical conditions and treat them as generalities when data are sparse. For example, late 19th century fires in some desert grasslands of southeastern Arizona are documented from newspaper accounts (Bahre 1991:138-141) , and it is also logically inferred that fires must have been relatively frequent to prevent shrub encroachment of some desert grasslands (McPherson 1995) . One might assume from this evidence that fire played a similar role in desert grasslands, piñ on and juniper savannas, and open woodlands that have grassy understories, throughout much of the Southwest. However, desert grasslands in Arizona differ in composition and climate from those in New Mexico, and grasslands at the edge of the Great Plains in eastern New Mexico differ yet again. Moreover, Wright (1980:16) states that the pre-1900 role of fire in grasslands of southern Arizona and New Mexico is simply unknown and that fire was possibly unimportant ecologically in at least some kinds of desert grassland, e.g., black grama (Bouteloua eriopoda [Torr.] Torr.) communities. We have a similarly inadequate understanding of the (probably complex) ecological role of fire in piñ on and juniper savannas of Arizona and New Mexico.
A similar paucity of empirical fire history data plagues our efforts to understand what is driving tree infill and expansion in sagebrush-dominated communities and associated wooded shrublands of the Great Basin and Colorado Plateau. Weisberg et al. (2008) tested the hypothesis that old-growth woodlands (predating the mid-1800s) in central Nevada were generally absent from topographic sites having high probabilities of burning and were largely restricted to sites with low probability of burning. If true, this pattern would be consistent with the idea that fire formerly limited trees to fire-safe locations and that fire exclusion was a major driver of tree expansion into nonwoodland vegetation types that formerly remained treeless because of frequent fires. Although Weisberg et al. (2008) found that old-growth stands were indeed more likely to occur on sites determined to be of low fire risk, the relationships were weak overall, and many old-growth stands were located on sites of relatively high fire risk from a topographic perspective. Thus, the study provided only somewhat ambiguous support for the fire-exclusion hypothesis.
Following another line of investigation, historical fire rotations (time required for cumulative area burned to equal the size of the entire area of interest) in Wyoming big sagebrush (Artemisia tridentata Nutt. subsp. wyomingensis Beetle & Young) and little sagebrush (Artemisia arbuscula Nutt.), which formed the matrix within which many of the woodland communities existed, are estimated to have been 100-450 yr (Baker 2006) . With such long rotations, it would seem that fire was not frequent enough historically to prevent extensive tree establishment and that the long fire intervals observed during the 20th century are not far outside the historical range of fire intervals-all implying that fire exclusion cannot be the major driver of piñ on and juniper infill and expansion. However, the sagebrush community is very heterogeneous, and a single, broad characterization of historical fire rotations cannot adequately convey the complex historical role of fire in these ecosystems. For example, historical fire rotations were substantially shorter in the more mesic mountain big sagebrush (Artemisia tridentata Nutt. subsp. vaseyana [Rydb.] Beetle) communities than in the more xeric Wyoming big sagebrush and little sagebrush communities (Miller and Rose 1999; Baker 2006) , and conversion of shrubland to woodland can also occur more rapidly (within only several decades) in the more mesic habitats (Miller and Rose 1999; Johnson and Miller 2006) -suggesting that the late 19th-and 20th-century reduction in fire frequency was in fact a major cause of tree expansion in at least some shrublands.
In sum, we simply do not have adequate empirical data on historical fire regimes to determine how important (or unimportant) fire exclusion has been in allowing infill and expansion of piñ on and juniper trees in savannas and wooded shrublands across the West. Obtaining additional fire history data is, therefore, a high research priority .
Effects of Climatic Variability and Rising CO 2
The onset of extensive infill and expansion of piñ on and juniper in the late 19th century in many areas coincided not only with the beginning of grazing and fire exclusion but also with a significant climatic event, namely, the end of the Little Ice Age and the beginning of a general warming trend with changes in precipitation patterns that continued through the 20th century. Many years in the early 1900s were notably wet throughout the Southwest, and the last four decades of the 20th century were among the wettest in the period of record . Occupying, as they do, the transition zone between mesic forests at higher elevations and environments too dry for trees at lower elevations, piñ on-juniper communities may be especially sensitive to even subtle changes in temperature and precipitation.
It is possible that some, or even much, of the infill and expansion of piñ on and juniper that has occurred during the past 150 yr is a natural response to short-term and long-term climatic fluctuation. Two long-term 20th century data sets from desert and semidesert areas of southern New Mexico and Arizona reveal that relatively high winter precipitation generally favors woody plants over herbaceous species and that specific periods of extensive shrub establishment coincided with periods of wet winters (Neilson 1986; Brown et al. 1997) . These two studies focused primarily on expansion of shrubs, not trees, but other studies demonstrate that recovery of woodlands from drought may occur as a pulse of P. edulis recruitment during the first wet period that follows the drought (Swetnam et al. 1999; Gray et al. 2006; Shinneman and Baker 2009 ). For example, in two study areas on the Uncompahgre Plateau in western Colorado, piñ on abundance began increasing in the late 1700s during a wet period that followed a long dry period (Eisenhart 2004; Shinneman and Baker 2009) . Tree infill and expansion in this area thus began more than half a century before arrival of Euro-American settlers and associated effects of livestock grazing and fire exclusion. In the 20th century, there were two very wet periods in the Southwestduring the first two decades of the century and the period from the mid-1970s to the mid-1990s . These are both periods when many piñ on trees became established in the region (e.g., Floyd et al. 2004) .
Additional support for the climate hypothesis comes from observations of recent contraction, as well as expansion, of piñ on and juniper woodlands. Although much of the 20th century was apparently favorable for tree establishment and survival, extensive P. edulis mortality occurred in the Southwest during severe droughts of the 1950s and from the mid-1990s through the early 2000s (statement 2 in section II above).
Extensive recruitment of J. occidentalis that began in Oregon during the late 1800s and early 1900s also coincided with a climatically favorable period of relatively high winter precipitation (Soule´et al. 2004) . Tree density and cover have continued to increase throughout the 20th century in this region, both on grazed and ungrazed sites (Soule´et al. 2003 (Soule´et al. , 2004 . During the late 20th and early 21st centuries, however, radial growth rates of J. occidentalis have increased more than would be predicted from climate variables alone, with exceptional growth rates during both wet and dry periods (Knapp et al. 2001) . Predictions of ring growth during the past 100 yr were improved in regression models that included global atmospheric CO 2 concentration in addition to precipitation and temperature (Knapp and Soulé 2008) . These results are consistent with a CO 2 fertilization effect that may be enhancing the processes of tree infill and expansion throughout the West. Elevated CO 2 in experimental settings often results in proliferation of fine roots, increased instantaneous transpiration efficiency and water use efficiency, and decreased stomatal conductance, all of which potentially could make plants more resistant to drought and enhance growth rates under dry conditions (Wullschleger et al. 2002) .
A major shortcoming of the climate hypothesis is that the evidence is mostly correlative, with limited experimental data with which to evaluate the specific mechanisms by which piñ ons and junipers respond to specific climatic changes. Although research to date has demonstrated some important physiological differences among the major piñ on and juniper species (e.g., Moore et al. 1999; Nowak et al. 1999) , we have barely begun to assess the species' ecophysiology within the context of climate change and rising CO 2 . For example, Wullschleger et al. (2002) emphasize that there is much uncertainty about the mechanisms by which increased atmospheric CO 2 might alter water relations and growth and about the significance of these changes for total plant growth and survival. We also have a poor understanding of how climatic variability influences growth and abundance of the herbaceous component of piñ on and juniper vegetation, notably grasses, which in turn influence fuel structure and potential fire behavior.
Summary of Potential Mechanisms Driving Tree Infill and Expansion
It is widely assumed that infill and expansion of piñ on and juniper represent primarily an ''unnatural'' consequence of human land use, in particular the effects of fire exclusion. It is important to stress, however, that human land use in the western United States since the mid to late 1800s has occurred against a backdrop of climatic and natural disturbance-driven fluctuations in tree establishment and survival. All of these processes interact, and the relative importance of each (e.g., direct grazing impacts vs. fire exclusion vs. climatic fluctuation vs. CO 2 fertilization) probably varies spatially and temporally across the vast expanse of heterogeneous environments occupied by piñ on and juniper vegetation. Soulé et al. (2004) suggest that the early pulse of J. occidentalis establishment in Oregon during the late 19th and early 20th centuries was driven primarily by favorable climatic conditions, grazing effects, and fire exclusion, whereas the late 20th century increase in tree cover and density has been primarily a response to elevated atmospheric CO 2 and biological inertia (the increase in seed production as trees that established earlier in the century reach reproductive age and greater size). Similar changes over time in the dominant mechanisms may be important in other regions and for other piñ on and juniper species. The upshot is that simplistic and overgeneralized explanations of the processes driving infill and expansion should be avoided, and new research is urgently needed to disentangle the relative effects of the various mechanisms underlying piñ on and juniper infill and expansion in different ecoregions throughout the western United States during various segments of the past 150 yr .
IMPLICATIONS
Effective management of piñ on and juniper vegetation has been hindered by inadequate understanding of the basic ecology of these ecosystems, notably 1) the variability in ecosystem structure and processes that exists among the diverse combinations of piñ ons, junipers, and associated shrubs, herbs, and soil organisms throughout this extensive vegetation type; 2) prehistoric and historic disturbance regimes; and 3) mechanisms driving recent changes in vegetation structure and composition. This article summarizes what we currently know (and don't know) about three fundamentally different kinds of piñ on-juniper vegetation-persistent woodlands, savannas, and wooded shrublands. Historical structure and disturbance regimes are perhaps best understood for persistent woodlands, although the geographic distribution of such woodlands is uncertain, especially in New Mexico and Arizona. In contrast, historical disturbance regimes in piñ on-juniper savannas are the least well understood of the three piñ on-juniper types. Dramatic tree expansion and infill have occurred during the past 150 yr in portions of all three types of piñ on-juniper vegetation, although equally dramatic mortality events have also occurred recently in some areas. The potential mechanisms driving increases in tree density-notably recovery from past disturbance, natural range expansion, livestock grazing, fire exclusion, climatic variability, and elevated atmospheric CO 2 -generally have not received enough empirical or experimental investigation to predict which is most important in any given location. We recommend that land managers, practitioners, and policy makers rely primarily on this article's statements of high confidence and broad applicability in formulating management plans and priorities, and we encourage researchers to conduct new studies to critically test the statements of moderate or low confidence and generality. In particular, we encourage collaboration between research scientists and managers in current and upcoming piñ on-juniper treatments.
